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A B S T R A C T

This study reports the concentrations of 12 nano (micro)plastics (NMPs, ≥700 nm particle size, <5 mm), 14
polycyclic aromatic hydrocarbons (PAHs), and 28 polychlorinated biphenyls (11 dioxin-like PCBs) in the gill/
mantle tissue of eastern oysters (Crassostria virginica) and muscle and liver tissues of gafftopsail catfish (Bagre
marinus), red drum (Sciaenops ocellatus), and spotted sea trout (Cynoscion nebulosus) from Matagorda Bay (Texas,
USA). Pyrolysis gas chromatography and tandem mass spectrometry (Py-GCMS/MS) was used to quantify the
NMPs, and GCMS was used for PAHs and PCBs quantification. Analysis of the total contaminant concentrations
across all the biota showed NMPs to exhibit the highest body-burdens (~2000×–201360,000×) relative to PAHs
and PCBs. Amongst the biota, oysters exhibited the highest contaminant body-burdens in comparison to fish. For
PAHs and PCBs, the gill/mantle of oysters exhibited ~2–11× higher body-burdens than the muscle tissue of fish
and NMPs in oysters were 5–25× higher (body-burdens) than in fish muscle. Diagnostic ratio analysis revealed a
mixture of both petrogenic and pyrogenic sources of PAHs. Toxic equivalent (TEQ) based risk assessment for
dioxin-like PCBs indicated the likelihood for adverse health effects in gafftopsail catfish only. A cancer risk
assessment for human exposure to PAHs from seafood consumption showed no concern. Finally, the calculation
of human average daily NMPs consumption indicated the ingestion of 0.01–0.2 g plastics/kg of body weight/
year. A key finding of our work is that the body-burdens of NMPs were several orders of magnitude higher than
those for PAHs and PCBs.

1. Introduction

The U.S. coastline along the northern Gulf of Mexico is a heavily
developed coastal zone with an extensive urban and industrial zone,
~10 % higher than the national average (census.gov, 2019; comptroller.
texas.gov, 2020). Furthermore, its offshore zone hosts ~3200 active oil
and gas structures (NOAA, 2024). Such a high level of development has
led to concerns for aquatic pollution from persistent pollutants, such as
oil or combustion derived polycyclic aromatic hydrocarbons (PAHs),
and ‘legacy’ pollutants such as polychlorinated biphenyls (PCBs) (Frank
et al., 2001; Kennicutt, 2017; Oziolor et al., 2018; Pulster et al., 2020;

Rowe et al., 2020). However, there is recent concern for the presence of
so-called ‘emerging’ pollutants, such as pharmaceuticals, per/poly-
fluoroalkyl substances (PFAS), and microplastics (<5 mm) in near-
shore coastal environments (Arman et al., 2021; Deblonde et al., 2011;
Gavrilescu et al., 2015; Geissen et al., 2015). Given these concerns, there
is an overall paucity of information on the presence of emerging pol-
lutants (especially microplastics) in the aquatic environment
(Bhattacharya and Khare, 2022; Burns and Boxall, 2018; Horton et al.,
2017; Mintenig et al., 2018).

In this manuscript we quantified the body-burdens of select PAHs,
PCBs, and nano(micro)plastics (NMPs) in the biota (oysters and fish) of a
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northwestern Gulf of Mexico estuary, Matagorda Bay. Located along the
upper mid coast of Texas, it is the second largest estuary in Texas (TSHA,
2023) (Fig. 1). On average, the bay is 2 m deep and occupies an area of
1093 km2 with a long hydraulic residence time of 237 days (TSHA,
2023). Matagorda Bay receives discharge from major riverine sources
such as the Lavaca and Colorado rivers (TSHA, 2023). The natural
wildlife of Matagorda Bay serves the local birding and fishing tourism
industry, with commercial fishing generating $7.8 million dollars in
revenue annually (Robinson et al., 1996). The bay is also home to major
chemical industries such as the Aluminum Company of America, Union
Carbide, Du Pont, and Formosa Plastics (TSHA, 2023). It is also home to
the South Texas Nuclear Generating Station in nearby Bay City (TSHA,
2023). Recently, the Formosa Plastics company (Point comfort, Mata-
gorda Bay near sampling site A, Fig. 1) was litigated against and found
liable for the release of plastic nurdles (i.e., plastic pellets) into the bay
(Anchondo, 2019; Conkle, 2018). The case was settled for a fine of $50
million dollars to Formosa Plastics (Conkle, 2018; Moore-Eissenberg,
2019).

This study provides for a comprehensive analysis, a snapshot in the
state of legacy (PAHs and PCBs) and emerging (NMP) pollutant body
burden in the biota (fish and oyster) of Matagorda Bay, a bay system
with both industrial and commercial fishing activities. In doing so, we
have used a well-established gas chromatography and mass spectrom-
etry (GCMS) method to measure the levels of 14 EPA priority PAHs and
28 PCBs (including 11 dioxin-like PCBs or DL-PCBs) in oysters (gill/
mantle) and fish (liver and muscle). And a novel pyrolysis gas

chromatography and tandem mass spectrometry (Py-GCMS/MS)
method was established and used to comprehensively quantify 12
common NMPs in the biota. We hypothesized that the legacy and lipo-
philic nature of PAHs and PCBs pollutants will result in their greater
body-burdens in biota relative to NMPs (which are considered as
emerging pollutants). In addition, to measuring the body-burdens of
pollutants, the likely sources of PAHs in the bay were assessed by
comparing the ratios of diagnostic low to high molecular weight (LMW
vs. HMW) PAHs (Tobiszewski and Namieśnik, 2012). The cancer risk of
PAHs to the human consumers of seafood was calculated, and a toxic
equivalents (TEQs) risk assessment was performed to determine likely
adverse health effects of the dioxin-like PCBs (DL-PCBs) in fish (Barron
et al., 2004; Van den Berg et al., 1998). Lastly, the adult human average
yearly intake of plastics from seafood was evaluated using the NMPs
levels measured in the gill/mantle of oysters and the muscle tissue of fish
(Nolen et al., 2022).

2. Methods

2.1. Sample collection and preparation

The following biota were sampled from Matagorda Bay due to their
abundance and economic value: eastern oysters (Crassostria virginica,
Gmelin, 1791), gafftopsail catfish (Bagre marinus, Mitchill, 1815)
(hereafter catfish), red drum (Sciaenops ocellatus, Linnaeus, 1776), and
spotted sea trout (Cynoscion nebulosus, Cuvier, 1830) (Dailey, 1977;

Fig. 1. A map of Matagorda Bay showing its location along the Texas coastline (inset map) located in the northwestern Gulf of Mexico. Fish and oysters were sampled
at various locations around the bay.
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Ropicki et al., 2016; Vega et al., 2011). The oysters are useful for their
filtering capacity (Ehrich and Harris, 2015; NOAA, 2020) as well as a
widely studied sentinel species (Cantillo, 1997; Goldberg et al., 1978).
The fish and oysters were caught using a variety of catch methods such
as benthic sled tows, bag seines, gill nets, and entanglement nets. All
oysters and fish were weighed, and their total length (TL) and fork
length (FL) (fish only) measured (Supplemental Table 1). Similar size
specimens were used from each species. After sampling from the bay, the
fish were euthanized with cervical dislocation and put on ice, and
transported to the lab, where a skin-free muscle fillet and liver biopsy
were excised from each fish, and gill/mantle tissue was collected from
each oyster. All tissue samples were stored at − 20 ◦C until analysis. Prior
to analysis, ~0.5 g of frozen tissue was lyophilized for 24 h at 0.20 mBar
vacuum and − 87 ◦C using a LABCONCO freeze dryer. The resulting
freeze-dried tissue was pulverized into a fine powder using a pestle and
mortar.

2.2. PAH and PCB quantification

An accelerated solvent extraction (ASE) system (Dionex ASE 350)
was used to extract PAHs and PCBs. Approximately 0.5 g of previously
freeze-dried, pulverized, muscle or liver tissue was packed into a 34 mL
stainless steel ASE cell, with the remainder volume packed with Ottawa
sand (standard 20–30 mesh, Cat# S1010, Spectrum Chemical) above
and below the sample. The sample was spiked with 10 μL of 50 μg/mL
internal standards B[a]P-d12 and PCB65-d5. Control or blank cells
(comprising Ottawa sand only) were also spiked with internal standards
to account for any background contamination. Solvent extraction was
conducted at 100 ◦C and 1500 psi pressure with a heating time of 5 min,
preheat 5 min and a static phase of 4 min in the ASE. The flush rate was
60 % with a purge time of 300 s. Two static cycles were completed per
sample. The resulting solvent extracts were collected in 50 mL amber
glass bottles and dried under a gentle stream of nitrogen (N2). The
resulting residue was reconstituted in 1 mL dichloromethane (Thermo-
Fisher) and transferred to a smaller 5 mL test tube. The resultant solution
was then subjected to solid phase extraction through a Captiva lipid
filter cartridge (Agilent Captiva EMR- Lipid, 1 mL, 40 mg) using a vac-
uum manifold to remove lipids from the sample. Each solid phase
extraction cartridge was conditioned with 1 mL dichloromethane, fol-
lowed by the entire sample volume passing through the cartridge at a
steady rate of ~1 drop/s. The recovered solution was dried under a
gentle stream of N2, with the resulting residue reconstituted into 0.2 mL
acetonitrile. The resuspended solution was transferred to a small volume
glass insert and frozen at − 20 ◦C to promote the precipitation of any
remainder lipids and tissue debris (Hong et al., 2004). Subsequently, 0.1
mL of the solvent supernatant was removed and dried under N2, with the
final residue reconstituted into 0.1 mL dichloromethane, pipetted into a
small volume insert and analyzed via GCMS.

The concentrations of PAHs and PCB congeners were quantified
using GCMS: acenaphthene (ACE), fluorene (FLU), anthracene (ANT),
phenanthrene (PHE), fluoranthene (FLT), chrysene (CHR), pyrene
(PYR), benzo [a] anthracene (BaA), benzo [b] fluoranthene (BbF), benzo
[k] fluoranthene (BkF), benzo [a] pyrene (BaP), dibenz [a,h] anthracene
(DahA), benzo [g,h,i] perylene (BghiP), and indeno [1,2,3-cd] pyrene
(IcdP). The 28 PCB congeners include PCBs 1, 18, 33, 52, 77, 81, 95,
101, 105, 114, 118, 123, 126, 128, 138, 149, 153, 156, 157, 167, 169,
170, 171, 177, 180, 183, 187, and 189. All PCBs are identified according
to the IUPAC numbering system. EPA priority pollutant PAHs were
picked along with various DL-PCBs due to their toxicity. The GCMS
analysis was performed using a Hewlett Packard HP 6890 Series GC
System coupled with Agilent Technologies 5973 Mass Selective

Detector. Samples were injected in splitless mode (2 μL) onto a DB-5MS
(J&W Scientific) capillary column (30 m × 0.25 mm i.d.: 0.25 μm film
thickness). Helium was used as the carrier gas at a flow rate of 1.0 mL/
min. Temperatures at the front inlet and the MS interface were set to
250 ◦C and 280 ◦C, respectively. Following the injection of the sample,
the GC oven initiated at 40 ◦C for 1 min, then ramped up to 180 ◦C at
20 ◦C/min, and then to 300 ◦C at 5 ◦C/min, for a hold of 10 min. The
total runtime of the method was 40 min. The MS was operated in elec-
tron impact (EI) mode at an electron energy of 70 eV, while the MS
source temperature was maintained at 230 ◦C. Selected ion monitoring
mode was used to identify and quantify all 42 analytes. The respective
retention times for the PAHs and associated m/z ions selected for quan-
tification are reported in Hernout et al. (2020). The quantification of
each PAH and PCB was performed against a linear 11-point calibration
curve using serially diluted standards from 10 to 0.01 μg/mL. The limit
of detection (LOD) for each compound was determined as the lowest
standard that yielded a signal-to-noise ratio ≥ 5:1. Therefore, any ana-
lyte giving a response 5× above the background was considered an
appropriate (quantifiable) signal. All body-burden concentrations are
reported as ng/g tissue dry weight (or ng/g DW).

Sample quality assurance included the preparation of sample blanks
comprising Ottawa sand spiked with internal standards. Blanks yielding
values for a compound greater than the respective limit of detection was
used for background correction by subtracting its averaged value from
all samples. Standard addition samples were also spiked with select
PAHs (BaA and PYR) and PCBs (PCB 18 and 101) into muscle and liver
from fish to measure recovery. For every batch of ten muscle or liver
samples analyzed, two additional blanks and a standard addition sample
were included for quality assurance. The average recovery of selected
PAHs and PCBs was (mean ± s.e.m), 74.07 ± 0.44 % for BaA, 46.01 ±

9.24 % for PYR, 69.07 ± 3.88 % for PCB 18, and 68.5 ± 5.83 % for PCB
101.

2.3. Source assessment of PAHs

To identify the predominant sources of PAHs, diagnostic source ra-
tios of various HMW to LMW PAHs were compared. HMW PAHs
comprise ≥4 aromatic rings are typically products of combustion at
higher temperatures (400–700 ◦C) and are therefore mainly pyrogenic
in origin. Whereas LMW PAHs comprise <4 aromatic rings and are
products of combustion at lower temperatures (i.e., 100–300 ◦C), and
are therefore considered to be mainly petrogenic in origin (Budzinski
et al., 1997; Wolska et al., 2012). Diagnostic ratios of

∑
LMW/

∑
HMW,

∑
COMB (all HMW PAHs)/

∑
PAH (i.e. LMW + HMW), FLT/(FLT +

PYR), ANT/(ANT+PHE), BaA/(BaA + CHR), IcdP/(IcdP+BghiP), BaP/
BghiP, and PHE/ANT were used to help identify PAH sources and are
detailed Table 3 (Tobiszewski and Namieśnik, 2012).

2.4. Cancer risk assessment of PAHs

To evaluate the cancer risk via sea food consumption, a BaP equiv-
alent (BaPE) concentration for fish body-burdens was calculated and
compared against the Level of Concern concentration calculated by the
FDA risk assessment for exposure risk from the consumption of fish
(0.035 μg/g BaPE) or oysters (0.142 μg/g BaPE) (FDA, 2010). In addi-
tion to considering the BaP body-burdens to calculate the BaPE, the
individual toxicity equivalent factors (or TEFs) for PAHs whose toxicity
have been standardized to that of BaP (i.e., BaA, CHR, BbF, IcdP, and
DahA) were also summed to that of the BaPE value to generate an overall
concentration for comparison with the FDA reference values for fish and
oysters. BaPE concentration was reported in μg/g of wet weight (WW)

A. Mortuza et al.
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BaPE. Only muscle tissue body-burden was calculated as it is the
component consumed by humans. The formula used is as follows:

2.5. Toxicity equivalents assessment of dioxin-like PCBs (or DL-PCBs)

To assess the potential toxicity of DL-PCBs to fish, toxic equivalents
(TEQs) were calculated using toxic equivalent factors (TEFs) as pro-
posed by Van den Berg et al. (1998). This approach takes into account
the additive effects of DL- PCBs (i.e., non-ortho and mono-ortho PCBs)
congeners in hepatic tissue. The toxicity potential was assessed for
eleven DL-PCBs quantified in fish livers, namely PCBs 77, 81, 105, 114,
118, 123, 126, 156, 167, 169, and 189. The remainder PCBs were non-
dioxin-like or NDL-PCBs. The lipid-normalized hepatic body-burden of
each congener was multiplied with its respective TEF, and then summed
to calculate the TEQ value (Van den Berg et al., 1998). The summed TEQ
values for each fish species were reported as log10 pg/g lipid weight
(LW) and compared against reported upper and lower limit values
shown to be toxic in aquatic mammals (1400–160 pg/g LW) and fish
(600–57 pg/g LW) (Kannan et al., 2000; Steevens et al., 2005). Steevens
et al. (2005) determined the TEQ upper and lower limits that were
protective (survival) of 90 % and 99 % of fish respectively, whereas
Kannan et al. (2000) determined high TEQ values that are associative
with immunosuppression and endocrine disruption in marine mammals.

2.6. Nano(micro)plastics (NMPs) quantification

An enzyme solution was prepared to digest the freeze dried tissue
samples for NMP extraction using a protocol adapted from von Friesen
et al. (2019). Briefly, 6 g of porcine pancreatic enzyme (Pez, Millipore-
Sigma, CAS# 8049-47-6) was dissolved into 100 mL of tris (tris
(hydroxymethyl) aminomethane)/tris hydrochloride solution (Sigma-
Aldrich, Cat# T3038). Pez contains protease, amylase, and lipase en-
zymes, which help break down proteins and lipids in the tissue to release
microplastics particles from the tissue matrix. To further remove any
plastics contamination from the pancreatic enzyme, the Pez/Tris solu-
tion was placed in an oven at 40 ◦C for 3 h and then vacuum filtered
through 2.8 μm and 0.7 μm glass fiber filters (CYTIVIA Whatman GF/F
and GF/D, VWR) using a Brinkmann Model B-169 vacuum aspirator.
Approximately 0.02 g of dried fish and oyster tissue was placed in round
bottom glass vials to be treated with 1 mL of Pez/Tris solution (0.06 g
Pez/mL buffer) while maintaining an optimal pH 8 for pancreatic en-
zymes (Berdutina et al., 2000). The vials were then shaken for 24 h at
40 ◦C on a shaker tray. The samples were then filtered through cleaned
and furnaced 0.7 μm × 24 mm glass fiber filters using a vacuum filter
and rinsed with Milli-Q water (Milli-Q EQ. 7000 Ultrapure Water Puri-
fication System, Merck KGaA, Darmstadt, Germany). The utilized
portion of each filter was then cut out using a cork borer, separated and
placed in a glass Petri dish where it was dried for 24 h at 38 ◦C. The
filters were folded after drying and placed in separate stainless-steel
Pyrolysis cups (Eco-Cup LF, Frontier Labs, Japan) that had been
treated with 20 μg of polyfluorinated styrene as internal standard.
Finally, the sample cups were topped with 5 mg of calcium carbonate
and quartz wool to pack the sample and placed in a Frontier Laboratories
Ltd. Auto-Shot Sampler: AS-1020E Pyrolizer for pyrolysis GCMS
analysis.

A Frontier Laboratories Auto-shot sampler pyrolyzer in conjunction
with an Agilent 8890 GC System coupled with an Agilent 7010B triple
quadrupole mass spectrometer (Py-GCMS/MS), was used to identify and

quantify plastics polymers. The microplastics quantified included all
common consumer use plastics such as: polymethyl methacrylate
(PMMA), polypropylene (PP), polyvinyl Chloride (PVC), polyamide
(PA), polycarbonate (PC), nylon 66 (N66), polyethylene (PE), poly-

ethylene terephthalate (PET), acrylonitrile butadiene styrene (ABS),
polyurethane (PUR), styrene-butadiene rubber (SBR), and polystyrene
(PS). The pyrolysis or combustion of tissue samples at 600 ◦C allowed for
the complete oxidation of organics, while the microparticles were
volatilized and fragmented to smaller and more stable particles (pyrol-
yzates). These pyrolyzates were chromatographically separated using an
Ultra Alloy+-5 Capillary Column (30 m length x 0.25 mm I.D. x 0.25 μm
film) (Frontier Labs, Japan) in an Agilent 8890 GC System with an
increasing temperature gradient before being introduced to an Agilent
7010B GCMS/MS Triple Quadrupole for precise mass analysis. The
injector was set to a split ratio of 50:1, with a split flow of 40 mL/min.
The injector temperature was set to 300 ◦C. The septum purge flow was
20 mL/min. Straight liners packed with non-deactivated glass wool were
used. Helium at a flow rate of 2.25 mL/min was used as the carrier gas
and nitrogen at 1.5 mL/min was used as the collision gas. Chromato-
graphic separation was achieved with the following temperature pro-
gram: starting temperature 35 ◦C, hold for 0.25 min, ramp at 20 o C/min
to 310 o C, hold for 3 min, a total runtime of 17 min. The mass detector
settings were: source temperature 230 ◦C, quad temperature 150 ◦C, and
auxiliary temperature 280 ◦C, with a 5 min solvent delay. MassHunter
acquisition and associated data analysis software were used for accurate
mass analysis. The quantification of individual plastic polymers was
based on individual distinctive mass ions (Supplemental Table 3). The
quantification of each polymer was performed against a linear five-point
calibration curve spanning from 1500 to 150 μg, with 40 μg of Internal
standard (polyfluorinated styrene, PFS). All standards were placed onto
a GF/F (0.7 μm pore size, 25 mm diameter) Whatman filter, transferred
into Eco-cups (Frontier Labs, Japan), packed with 5 mg of CaCO3, and
finally sealed with quartz wool. LODs were calculated using a Signal/
Noise threshold of ≥3.

To correct for the interference of lipids on polyethylene quantifica-
tion as described by Rauert et al. (2022), we used a lipid triglyceride
mixture from Sigma (CAS# 17810) as control. We found sample lipids to
mainly interfere with the quantification of PE, PP, N66, PMMA, and
PVC. To account for lipid contamination, a 5-point lipid calibration
curve was constructed from 0.25 mg to 1.25 mg using the weights of
lipids against the concentration for each of the plastics. Assuming, there
were no plastics in the lipid standard from Sigma, this calibration curve
showed the relation between lipid concentrations and lipid content,
therefore yielding a correction factor which was subtracted from the
plastic quantification in each sample.

For each batch of 10 samples, two blank controls, two recovery
controls, and a replicate were also analyzed. Each blank control pyrol-
ysis cup contained 40 μg of Internal standard (Polyfluorinated styrene),
GF/F (0.7 μm pore, 25 mm diameter), Whatman filter (after filtering 1
mL of Pez/Tris), 5 mg of CaCO3, and quartz wool to measure background
contamination to be subtracted from sample quantification. The stan-
dard addition/recovery control contained 40 μg of Internal Standard
(Polyfluorinated styrene), GF/F Whatman filter (0.7 μm) containing a
known amount of the Frontier plastics standard (Frontier labs, Lot#
21101501), 0.02 g of dry weight tissue (digested with 1 mL of Pez/Tris),
5 mg of CaCO3, and quartz wool to measure the percentage recovery of
plastic standards. The replicate pyrolysis cups also contained a replicate
of a sample (muscle matrix) to confirm reproducibility of data. The
percent recovery of notable plastics in the muscle matrix was 115 ±

BaPE concentration = BaP cocentration+
∑

(equivalent PAHs concentration x respective TEFs)

A. Mortuza et al.
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0.15 % for PP, 93 ± 0.08 % for N66, and 113 ± 0.05 % for PE.

2.7. Estimated average daily intake of plastics

Seafood Daily Intake (DI) and NMPs Average Daily Intake (ADI) rates
were calculated as follows:

DI =
DCshellfish or fish

BW
(1)

ADI = CPlastics × DI (2)

First, a seafood daily intake (DI) in g/kg human body weight/day
was determined by dividing the estimated daily consumption (DCshellfish/
fish) of shellfish or fish (in g/day) by the body weight (BW) of an average
adult human (kg) (Eq. (1)). The Texas Department of State Health Ser-
vices’ Seafood and Aquatic Life Group’s standard adult weight of 70 kg
and consumption of 30 g of shellfish or fish per day were used to
calculate the DI (DSHS, 2011). Subsequently, an Average Daily Intake
(ADI) rate of plastics consumption (in mg/kg human body weight/day)
was calculated by multiplying the average plastics concentration in
muscle of fish or gill/mantle of oysters in μg/g wet weight (Cplastics) by
the DI (Eq. (2)). While the Cplastics were initially quantified as μg/g dry
weight (DW), the DW values were converted to their respective wet
weight (WW) basis by using an average correction factor (for each
species) that accounted for the proportion of tissue weight change after
freeze-drying, i.e., indicating the loss of tissue water content (see above).
Finally, the ADI in mg/kg human body weight/day was converted to an
annual or yearly plastics intake by multiplying the ADI’s for each species
by 365 days.

2.8. Statistical analysis

Statistical analysis was conducted using R (v 4.1.3) with significance
at p ≤ 0.05 (R, 2024). The normality of data was tested using Shapiro-
Wilk’s test followed by Levene’s test for homogeneity of variance. For
pairwise comparisons, either a parametric t-test or non-parametric
Mann-Whitney U test was conducted. The statistical analysis of data
comprising a main effects variable was performed using either one-way
ANOVA (parametric) or the Kruskal-Wallis test (non-parametric), with
post hoc testing comprising either Tukey’s or Dunn’s test respectively.

3. Results

3.1. Morphometric parameters

Amongst the fish species sampled, gafftopsail catfish and spotted sea
trout were within the adult size range, whereas red drum were catego-
rized as juveniles as shown in Supplemental Table 1. A spearman-rank
correlational analysis was conducted between morphometric parame-
ters and the pollutant body-burdens, with no significant correlations
reported (data not shown).

3.2. Persistent pollutant body-burdens in biota

The sum of total (Σ) PAH levels in fish muscle showed no significant
differences (p ≤ 0.05) across the biota (Table 1(a)). Oysters, however,
exhibited the highest (not significant) concentrations at levels 2× higher
than those in catfish, and 1.2× of sea trout and red drum respectively
(Table 1(a)). Fish livers exhibited ΣPAH levels 5×–14× higher than
those measured in the muscle tissue (Table 2(a)), with a significant
difference only between red drum and catfish being evident (levels 4×
higher in red drum).

A comparison of PAH congener profiles showed a broad represen-
tation of LMW and HMW PAHs in fish muscle compared to liver (Sup-
plemental Figs. 1 and 2). In the muscle of fish (and gill/mantle of
oysters), PHE levels equivalently dominated in all species with levels

Table 1
Oysters (gill/mantle tissue) and fish muscle concentrations of a) PAHs, b) PCBs,
and c) NMPs. Levels are reported in ng/g DW for PAHs and PCBs, and μg/g DW
for NMPs (mean ± standard error). Levels below the limit of detection are
represented by ‘-’. Different letters for sum of total show significant differences
(p ≤ 0.05) between species.

Oysters (n
= 10)

Catfish (n
= 10)

Red drum
(n = 7)

Sea trout
(n = 9)

a) PAHs (ng/g DW)
Low molecular weight
(LMW)
Acenaphthene
(ACE)

17.79 ±

5.73
12.27 ±

2.46
6.47 ±

0.71
15.80 ±

3.01
Fluorene (FLU) 19.53 ±

11.17
8.97 ±

1.43
1.83 ±

1.25
8.30 ±

4.01
Phenanthrene
(PHE)

28.50 ±

8.32
23.10 ±

5.24
11.55 ±

1.07
44.91 ±

20.74
Anthracene (ANT) 1.31 ± 0.50 14.36 ±

3.23
3.83 ±

1.41
8.12 ±

3.13
High molecular
weight (HMW)
Fluoranthene (FLT) 4.48 ± 2.54 28.02 ±

5.14
2.22 ±

2.22
9.59 ±

5.75
Pyrene (PYR) 8.47 ± 2.60 31.13 ±

5.18
6.57 ±

1.73
22.71 ±

3.62
Benzo[a]
anthracene (BaA)

114.48 ±

40.45
2.80 ±

1.87
114.71 ±

59.47
30.95 ±

16.33
Chrysene (CHR) 15.72 ±

3.15
0.91 ±

0.61
19.06 ±

15.24
13.06 ±

9.44
Benzo[b]
fluoranthene (BbF)

- - 3.44 ±

1.27
7.30 ±

1.83
Benzo[k]
fluoranthene (BkF)

1.13 ± 0.95 0.25 ±

0.25
1.80 ±

1.21
8.90 ±

1.71
Benzo[a]pyrene
(BaP)

4.62 ± 2.37 - 1.43 ±

0.93
2.82 ±

2.12
Indeno[1,2,3-cd]
pyrene (IcdP)

2.96 ± 1.29 - 22.72 ±

1.89
20.23 ±

2.28
Dibenzo[a,h]
anthracene (DahA)

6.21 ± 2.20 2.59 ±

0.80
2.48 ±

0.88
2.60 ±

1.48
Benzo[g,h,i]
perylene (BghiP)

5.31 ± 1.25 - 0.80 ±

0.80
1.12 ±

0.75
ΣPAHs 230.50 ±

82.53a
124.40 ±
26.21a

198.91 ±
90.08a

196.40 ±
76.18a

b) PCBs (ng/g DW)
Non-ortho (dioxin
like)
PCB 77 62.08 ±

33.90
1.00 ±

1.00
4.09 ±

3.19
-

PCB 81 17.07 ±

9.83
1.30 ±

0.67
7.30 ±

4.11
-

PCB 126 1.01 ± 1.01 12.84 ±

8.87
2.76 ±

2.23
0.57 ±

0.38
PCB 169 - 0.99 ±

0.32
0.68 ±

0.68
2.21 ±

1.14
Mono-ortho (dioxin
like)
PCB 105 3.16 ± 1.44 3.50 ±

1.92
6.02 ±

1.98
7.41 ±

4.29
PCB 114 26.83 ±

12.80
1.17 ±

0.82
3.82 ±

2.08
1.97 ±

1.00
PCB 118 4.71 ± 1.89 0.70 ±

0.70
5.74 ±

4.02
1.66 ±

0.85
PCB 123 3.60 ± 1.22 0.84 ±

0.84
2.40 ±

1.84
1.61 ±

0.82
PCB 156 5.92 ± 2.01 - 11.54 ±

7.48
1.11 ±

1.11
PCB 167 2.70 ± 1.50 - - 4.62 ±

4.62
PCB 189 0.29 ± 0.29 - - -

Non-dioxin like
PCB 1 4.70 ± 1.78 - - -
PCB 18 109.24 ±

29.54
2.34 ±

1.45
86.44 ±

54.78
31.12 ±

14.61
PCB 33 36.62 ±

12.17
0.48 ±

0.48
6.58 ±

3.83
0.79 ±

0.79

(continued on next page)
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~2× higher than the other LMW PAHs (Table 1(a)). BaA was the most
prominent HMW PAH in oysters, red drum and sea trout, with levels
respectively 70×, 65×, and 26× higher than the remainder HMW PAHs
(Table 1(a)). In catfish muscle, FLT and PYR were the most prominent
HMW PAHs at 43× and 47× higher than the remaining HMW PAHs
(Table 1(a)). While the sea trout muscle exhibited a near equivalent
abundance for PYR and IcdP (19 % and 17 % respectively of the total
HMW PAHs) (Table 1(a)).

In contrast to muscle, the liver tissue for all fish exhibited a pre-
dominance of LMW PAHs with the overall proportion of LMW PAHs
constituting 69 %, 93 %, and 98 % to the ΣPAHs in catfish, red drum,
and sea trout respectively (Table 2(a)). Of the LMW PAHs, FLU and ACE
accounted for the most prominent congeners. While FLU accounted for
45 %, 70 %, and 81 % to the ΣPAHs in catfish, red drum, and sea trout
respectively; ACE contributed 14 %, 21 %, and 15 % to the ΣPAHs in

Table 1 (continued )

Oysters (n
= 10)

Catfish (n
= 10)

Red drum
(n = 7)

Sea trout
(n = 9)

PCB 52 0.31 ± 0.31 - 1.25 ±

0.59
0.21 ±

0.17
PCB 95 1.22 ± 0.82 - 1.33 ±

0.86
-

PCB 101 2.99 ± 1.21 - 1.99 ±

1.99
-

PCB 128 1.89 ± 1.25 1.09 ±

0.73
0.57 ±

0.57
7.94 ±

7.94
PCB 138 0.93 ± 0.49 - - 0.45 ±

0.45
PCB 149 0.87 ± 0.46 - 4.42 ±

3.12
-

PCB 153 0.32 ± 0.22 - 0.65 ±

0.65
0.77 ±

0.77
PCB 157 0.85 ± 0.46 - 2.49 ±

1.63
-

PCB 170 0.30 ± 0.30 - 1.32 ±

1.32
0.60 ±

0.60
PCB 171 0.76 ± 0.76 - 3.69 ±

1.95
-

PCB 177 - - 3.44 ±

2.23
0.49 ±

0.49
PCB 180 1.00 ± 0.52 - - -
PCB 183 0.37 ± 0.37 - - -
PCB 187 0.55 ± 0.55 - - 0.51 ±

0.51
ΣPCBs 290.29 ±

117.10a
26.25 ±
17.80b

158.53 ±
101.14ab

64.04 ±
40.53ab

c) NMPs (μg/g DW)
Polymethyl
methacrylate
(PMMA)

- - - -

Polypropylene (PP) 5320.77 ±

2442.74
- - -

Polyvinyl Chloride
(PVC)

- - - -

Polyamide (PA) - - - 33.66 ±

18.05
Polycarbonate (PC) - - - -
Nylon 66 (N66) 1815.61 ±

452.94
577.19 ±

259.06
355.42 ±

183.75
933.06 ±

192.51
Polyethylene (PE) 1789.33 ±

733.87
1055.82 ±

535.54
- -

Polyethylene
terephthalate (PET)

- - - -

Acrylonitrile
butadiene styrene
(ABS)

- 3.96 ±

2.13
- -

Polyurethane (PUR) - - - -
Styrene-butadiene
rubber (SBR)

- - - -

Polystyrene (PS) - - - -
ΣNMPs 8925.72 ±

2590.50a
1636.97 ±
594.91b

355.42 ±
183.75b

966.71 ±
193.35b

Table 2
Fish liver concentrations of a) PAHs b) PCBs, and c) NMPs. Levels are reported in
ng/g DW for PAHs and PCBs, and μg/g DW for NMPs (mean ± standard error).
Levels below the limit of detection are represented by ‘-’. Different letters show
significant differences (p ≤ 0.05) between species. The analysis of NMPs in the
livers of catfish was not possible due to a lack of sufficient tissue biomass
remaining after the persistent pollutant (PAHs and PCBs) analysis.

Catfish (n =

10)
Red drum (n= 7) Sea trout (n= 3)

a) PAHs (ng/g DW)
Low molecular weight
(LMW)
Acenaphthene (ACE) 94.99 ±

16.46
592.43 ± 194.09 431.40 ±

135.46
Fluorene (FLU) 307.02 ±

108.20
1969.08 ±

872.06
2287.88 ±

1498.61
Phenanthrene (PHE) 23.57 ± 9.34 47.20 ± 13.51 47.32 ± 23.96
Anthracene (ANT) 43.57 ± 4.04 24.24 ± 10.33 3.51 ± 1.82

High molecular weight
(HMW)
Fluoranthene (FLT) 52.87 ±

12.50
2.69 ± 1.35 0.84 ± 0.84

Pyrene (PYR) 41.69 ±

10.10
15.07 ± 4.27 19.61 ± 5.65

Benzo[a]anthracene
(BaA)

29.71 ±

12.90
111.88 ± 79.47 3.98 ± 3.98

Chrysene (CHR) 34.44 ±

14.02
30.58 ± 16.55 2.43 ± 2.43

Benzo[b]fluoranthene
(BbF)

1.60 ± 0.84 – –

Benzo[k]fluoranthene
(BkF)

2.22 ± 0.93 – –

Benzo[a]pyrene (BaP) 6.80 ± 4.53 2.46 ± 1.45 4.09 ± 3.64
Indeno[1,2,3-cd]
pyrene (IcdP)

21.94 ± 7.81 7.96 ± 1.81 11.62 ± 7.49

Dibenzo[a,h]
anthracene (DahA)

15.62 ± 6.12 1.35 ± 0.95 –

Benzo[g,h,i]perylene
(BghiP)

4.05 ± 1.28 12.85 ± 4.84 –

ΣPAHs 680.08 ±
209.07b

2817.79 ±
1200.68a

2812.69 ±
1683.88ab

b) PCBs (ng/g DW)
Non-ortho (dioxin like)
PCB 77 26.38 ±

12.34
42.66 ± 22.42 16.18 ± 11.80

PCB 81 7.61 ± 4.50 40.54 ± 26.05 3.00 ± 1.52
PCB 126 173.47 ±

63.13
3.09 ± 2.00 –

PCB 169 1.50 ± 1.01 – –
Mono-ortho (dioxin like)
PCB 105 22.95 ± 5.18 78.03 ± 26.82 17.50 ± 17.50
PCB 114 8.88 ± 4.53 191.38 ± 52.33 176.66 ± 84.50
PCB 118 7.95 ± 3.84 59.48 ± 29.65 19.52 ± 6.16
PCB 123 7.18 ± 3.15 45.13 ± 28.78 26.27 ± 21.98
PCB 156 0.47 ± 0.47 9.71 ± 3.89 1.56 ± 1.56
PCB 167 8.18 ± 5.66 50.70 ± 21.25 102.21 ± 22.51
PCB 189 0.40 ± 0.40 7.33 ± 5.45 –

Non-dioxin like
PCB 1 40.01 ±

15.94
39.53 ± 11.21 44.64 ± 5.56

PCB 18 38.79 ±

11.65
1251.44 ±

654.69
65.06 ± 32.96

PCB 33 7.35 ± 2.81 26.66 ± 7.16 5.63 ± 0.73
PCB 52 – – –
PCB 95 17.04 ±

16.37
21.42 ± 13.44 –

PCB 101 4.07 ± 2.01 55.30 ± 19.29 17.00 ± 9.89
PCB 128 12.10 ±

10.19
87.85 ± 41.07 195.97 ± 39.44

PCB 138 – 0.87 ± 0.87 9.81 ± 3.97
PCB 149 – 7.69 ± 3.22 –
PCB 153 – 0.54 ± 0.54 0.33 ± 0.33
PCB 157 0.99 ± 0.66 5.46 ± 4.73 3.36 ± 1.71
PCB 170 – 2.62 ± 1.24 2.38 ± 2.38
PCB 171 – 1.87 ± 1.87 –

(continued on next page)
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catfish, red drum, and sea trout respectively (Table 2(a)). For the HMW
congeners, catfish exhibited high contributions of FLT (8 %), PYR (6 %),
CHR (5 %), and BaA (4 %) to the ΣPAHs (Table 2(a)). In red drum and
sea trout, only BaA (4 %) and PYR (1 %) contributed sufficiently to the
ΣPAHs respectively (Table 2(a)).

PCBs body-burdens in the muscle and liver tissue of biota are
detailed in Tables 1 and 2 respectively. The DL-PCBs comprised 44 %,
85 %, 28 %, and 33 % of ΣPCBs in oysters, catfish, red drum, and sea
trout respectively (Table 1(b)). Overall, ΣPCBs in the gill/mantle tissue
of oysters exhibited higher levels relative to those measured in muscle
from catfish (11× higher, significant), red drum (2× higher, not sig-
nificant), and sea trout (5× higher, not significant) (Table 1(b)).
Amongst the fish species, red drum exhibited the highest ΣPCB levels
(not significant) in muscle relative to catfish (6× higher) and sea trout
(3× higher) (Table 1(b)). The livers of fish exhibited the highest ΣPCBs
relative to the muscle, ranging from 11× to 15× higher in liver in
comparison to muscle (Tables 1 and 2). The DL-PCBs comprised 67 %,
26 %, and 51 % of ΣPCBs in catfish, red drum, and sea trout respectively
(Table 2(b)). The analysis of ΣPCBs in the livers of fish showed red drum
to exhibit the highest levels (not significant) in comparison to catfish
(5× higher) and sea trout (3× higher) (Table 2(b)).

3.3. Emerging pollutant body-burdens in biota

The ΣNMPs in the gill/mantle tissue of oysters had significantly
higher body-burdens relative to muscle in fish, at levels 5× higher than
catfish, 9× higher than sea trout, and 25× higher than red drum (Table 1
(c)). In oysters, PP was the most prominent NMP comprising 60 % of the
ΣNMPs (Supplemental Fig. 3), with PE and N66 account for more than
25 % of the total NMP load. In catfish muscle tissues, PE dominated at
64 % of the ΣNMPs and in red drum and sea trout muscle, N66 pre-
dominated at ≥97 % of the ΣNMPs (Table 1(c)). The ΣNMP levels in the
livers of red drum and sea trout were 51× and 7× higher than in their
respective muscle tissues (Table 1(c) and Table 2(c)). Despite red drum
exhibiting a mean level 3× that of sea trout, there were no significant
differences between them (Table 2(c)). N66 was found to be prevalent in
both red drum and sea trout liver (Supplemental Fig. 3). The analysis of
NMPs in the livers of catfish was not possible due to a lack of sufficient
tissue biomass remaining after the persistent pollutant (PAHs and PCBs)
analysis.

4. Discussion

4.1. PAH body-burdens, sources, and toxicity risk assessment

Eastern oysters exhibited higher concentration of ΣPAHs per gram of
tissue (230 ng/g DW compared to 124 to 198 ng/g DW in finfish (Table 1
(a)). The elevated PAH levels in shellfish in comparison to fish reported
herein are consistent with observations from other aquatic ecosystems.
For example, Rowe et al. (2020) measured ΣPAH levels in eastern oys-
ters and finfish (spotted sea trout) from a neighboring bay system,
Galveston Bay. Oysters had ΣPAHs levels of 203 ± 68 ng/g WW, mean
± standard error), while those reported in finfish were 14 ± 8 ng/g WW
(Rowe et al., 2020). Even when accounting for differences between DW
and WW, oysters accumulated more PAHs than finfish in these Texas
estuaries. Such a trend is also evident in other aquatic ecosystems, for
example, Kanhai et al. (2015), reported the ΣPAH levels in Mangrove
oysters (Crassostrea rhizophorae) to be higher (109.0 ± 18.4 to 362.0 ±

63.0 ng/g DW) than those measured in sea catfish (Cathorops spixii) (7.5
± 0.9 to 43.5 ± 25.5 ng/g DW) sampled from Caroni Swamp, Trinidad,
West Indies. Interestingly, Olayinka et al. (2019) reported pink shrimp
and blue marine crabs having an order of magnitude higher (50.6± 21.9
and 60.3 ± 15.7 μg/g) ΣPAH levels, along with fish (spadefish: 33.9 ±

9.2 μg/g, grunter: 35.0 ± 12.2 μg/g) in Atlast Cove, Nigeria. A recent
comprehensive review by Honda and Suzuki (2020) comparing PAH
body-burdens in shellfish and fish reported overall higher concentra-
tions in invertebrates compared to vertebrates (fish), with ΣPAHs con-
centration in invertebrates ranging from 8.7 to 7000 ng/gWW and those
in fish ranging from 1.52 to 1064 ng/g WW.

The higher body burden of pollutants in eastern oysters reported in
our study likely reflects their filter feeding behavior, overall lipophilicity
of PAHs, and lower metabolic biotransformation capacity of in-
vertebrates (relative to finfish) to metabolize and excrete PAHs, as dis-
cussed below. Oysters have amassive capacity to filter ~25–50 gal of sea
water per day (Ehrich and Harris, 2015; NOAA, 2020), which can in-
crease their exposure to various contaminants including PAHs
(Bustamante et al., 2012; Fisher et al., 2000; Trevisan et al., 2017; Wang
et al., 2020). Invertebrates tend to have a lower biotransformation ca-
pacity for pollutants in comparison to fish, and therefore they are less
efficient at metabolizing and depurating contaminants (Honda and
Suzuki, 2020; Neff et al., 1976; Vidal-Liñán et al., 2016). The species-
specific accumulation (from difference in diet, habitat, ability to expel
pollutants) of various PAH congeners has reported by Neff et al. (1976),
where the uptake and depuration of various oil derived PAHs (NAP, FLU,
PHE etc.), across mollusk, shrimps and fish was studied. The authors
reported that shrimp (Penaeus aztecus) and fish (Fundulus similis) were
quick to accumulate as well as depurate PAHs, while oysters (Crassostrea
virginica) and clams (Rangia cuneata) were slow to depurate, which
resulted in higher body burdens in oysters and clams in comparison to
shrimp and fish (Neff et al., 1976). Therefore, oysters may serve as an
effective sentinel species for representing pollutant exposure in aquatic
ecosystems.

In contrast to the muscle tissue in fish, their livers exhibited ΣPAH
levels that were 5× to 14× higher (Table 2(a)). This is likely due to the
lipophilic nature of PAHs (Sverdrup et al., 2002) and the higher lipid
content in fish livers in comparison to muscle (Ando et al., 1993;
Arrington et al., 2006). For example, in our study the gravimetrically
determined lipid weight in livers was 4× higher than in muscle for
catfish, 11× higher for sea trout, and 12× higher for red drum (data not
shown). PAHs are hydrophobic (Log Kow = 3.37–6.75) and highly
lipophilic (Choi et al., 2010), therefore contributing to their accumula-
tion in the liver tissue. The propensity of PAHs to preferentially accu-
mulate in lipid rich tissues has also been shown in other studies. For
example, in the Gulf of Mexico, where Blacktip and Bonnethead sharks
were found to have 2× the bodyburden of PAHs in liver in comparison to
muscle (Cullen et al., 2019). Our observed values were in range of the
previously observed body burden of 500–1000 ng/g liver weight of

Table 2 (continued )

Catfish (n =

10)
Red drum (n= 7) Sea trout (n= 3)

PCB 177 – 0.68 ± 0.68 –
PCB 180 1.76 ± 1.28 1.42 ± 0.94 2.22 ± 2.22
PCB 183 2.33 ± 1.65 0.61 ± 0.61 –
PCB 187 3.35 ± 2.00 – –
ΣPCBs 392.76 ±

168.77a
2032.03 ±
980.20a

709.30 ±
266.72a

c) NMPs (μg/g DW)
Polymethyl methacrylate (PMMA) – –
Polypropylene (PP) – –
Polyvinyl chloride (PVC) – –
Polyamide (PA) – –
Polycarbonate (PC) – –
Nylon 66 (N66) 16,082.04 ±

6524.91
6536.69 ±

5176.33
Polyethylene (PE) – –
Polyethylene terephthalate (PET) – –
Acrylonitrile butadiene styrene (ABS) – –
Polyurethane (PUR) – –
Styrene-butadiene rubber (SBR) 2084.06 ±

1150.49
–

Polystyrene (PS) – –
ΣNMPs 18,166.10 ±

6625.56a
6536.69 ±
5176.33a

A. Mortuza et al.



Marine Pollution Bulletin 221 (2025) 118495

8

PAHs measured in the region (Sabine Lake) (Hernout et al., 2020).
Elsewhere, Jafarabadi et al. (2019) showed ~1.4× higher PAH bio-
accumulation in the livers, compared to muscle of fish collected from the
Persian Gulf (such as red snapper, bream, and mackerel) (Jafarabadi
et al., 2019). And a study from Poyang lake (China) also showed ~1.4×
higher PAH levels in the liver compared to muscle of carp (Zhao et al.,
2014). Xu et al. (2011) showed a significant positive correlation be-
tween tissue lipid content and PAH bioaccumulation, i.e., the brain
exhibited greater PAH bioaccumulation in comparison to muscle.

In our study, LMW PAHs dominated in the liver, with ACE and FLU
being the most prominent compounds, accounting for 25–75 % of all
congeners (Supplemental Fig. 1(b)). ACE and FLU both have three ar-
omatic rings, and have similar Log Kow values (ACE = 3.92 and FLU =

4.18) (Jesus et al., 2022). The prevalence of LMW PAHs reflects the
prominence of oil-derived hydrocarbons. For example, LMW PAHs pri-
marily originate from petrogenic sources such as crude oil spills, pe-
troleum products, and from the natural seepage of petroleum (Patel
et al., 2020). While HMW PAHs are often products of pyrolytic sources,
such as the combustion of petroleum, wood, coal etc. (Budzinski et al.,
1997; Montuori et al., 2022; Wolska et al., 2012). Muscle exhibited a
more mixed source of pollution with presence of LMW PAHs such as
ACE, FLU and PHE (12–20 %) in as well as more HMW PAHs such as FLT
(23 % in catfish), PYR (25 % in catfish), BaA (up to 38 % in oyster and
reddrum) and IcdP (12–25 % in red drum and seatrout), often indicative
of combustion from wood burning, vehicle and industrial activities.
Similar mixed PAH profiles in biota have been observed in previous
studies in northwestern GOM (Cullen et al., 2019; Hernout et al., 2020).

PAH ratios have been extensively used to diagnose their sources
(Blumer, 1976; Budzinski et al., 1997; Lipiatou and Saliot, 1991;
Simoneit, 1985; Yunker et al., 1999, 1996). The diagnostic source ratio
analysis shown in Table 3 indicates an overall prominence of pyrogenic
sources, with a 56 % average prominence of pyrogenic indicators across
most species (with exception of oysters and seatrout liver). The ratios
encompass complete and incomplete combustion of petroleum products
with major contributions from maritime traffic, vehicle emissions, and
industrial activity (TSHA, 2023). The bay serves as a hub for petro-
chemical shipping, with frequent oil tanker traffic and dredging opera-
tions that release PAHs through vessel engine combustion and
petroleum-based residues (Tresaugue, 2014). The prominence of pyro-
genic ratios, with also petrogenic indicators on oysters and seatrout
livers reflect the dominance of combustion processes and also incidences
of oil spills (i.e., petrogenic sources) along the Gulf of Mexico (HARC,
2014; Rice, 2019; Rowe et al., 2021; Trevizo, 2019). For example, the
Calhoun Port Authority in Matagorda Bay received over 11.8 million
tons of cargo in 2015, with its primary shipments consisting of petro-
chemicals, crude oil, condensate, and aluminum-related materials
(bauxite and alumina) (TDT, 2020). The sources of PAHs in Matagorda
Bay have been previously attributed to shipping activity in the area
(Lloyd et al., 2024). In 2014, a cargo shipped collided with an oil tanker
in Galveston Bay, near Texas city, which led to the spillage of fuel oil
into lower Galveston Bay (DARRP, 2014; Williams et al., 2017), which

then dispersed along shorelines of Galveston and Matagorda Bays
(Tresaugue, 2014). Moreover, the Gulf of Mexico has experienced
several significant oil spills that have had profound environmental and
economic impacts. The most catastrophic was the Deepwater Horizon
spill in 2010, where an explosion on the BP-operated drilling rig led to
the release of approximately 4.9 million barrels (about 206 million
gallons) of oil over 87 days, marking it as the largest marine oil spill in U.
S. history (Beyer et al., 2016; Ramseur, 2010). The spike in LMW PAHs
post oil spill and subsequent reduction back to base levels have been
well documented in the region with the Deepwater horizon oil spill (Liu
et al., 2012; Murawski et al., 2014; Romero et al., 2021; Snyder et al.,
2015). Additionally, the Taylor Energy oil spill, which began in 2004
due to an underwater mudslide triggered by Hurricane Ivan, resulted in
a continuous discharge of oil (estimated thousand gallons/week) from a
production platform that persisted for over 16 years, becoming one of
the longest-running oil spills in history in the Gulf of Mexico (Fears,
2018; Warren et al., 2014). In addition, heavy road traffic associated
with the Port Lavaca–Point Comfort complex contributes PAHs via
exhaust from trucks and plant vehicles. Industrial facilities in the area
including Alcoa, Union Carbide, DuPont, and Formosa Plastics have
historically emitted hydrocarbons, mercury, and chlorinated com-
pounds through both accidental discharges and combustion processes
(TSHA, 2023), which together reflect mixed sources of HMW and LMW
PAHs exposure of biota in Matagorda Bay.

A cancer risk assessment was performed to determine whether con-
sumption of Matagorda Bay seafood could cause sufficient exposure to
carcinogenic PAHs, such as BaP and BaPE (ATSDR, 2022; Collins et al.,
1991; EPA, 2017; FDA, 2010; Lee and Shim, 2007). The BaP and BaPE
levels were below the minimum threshold for concern as established by
the FDA after the Deepwater Horizon oil spill (FDA, 2010) (Fig. 2).
Although widely adopted, a criticism of the FDA cancer risk level of
concern approach is that it significantly underestimate risks to sensitive
populations, including pregnant women, and children, by failing to ac-
count for increased vulnerability, appropriate consumption rates, rele-
vant health endpoints, and health-protective exposure durations
(Rotkin-Ellman et al., 2012; Solo-Gabriele et al., 2021).

4.2. PCB body-burdens and toxicity risk assessment

Similar to the trends observed for PAHs, our study also showed
eastern oysters exhibit significantly higher levels of total PCBs compared
to the muscle tissue of fish in Matagorda Bay. Specifically, PCB levels in
oysters (290.29± 4.49 ng/g DW) were 11× higher than in catfish (26.25
± 0.47 ng/g DW), 6× higher than redrum (158.53± 3.04 ng/g DW) and
2.5× higher than sea trout (64.04± 1.14 ng/g DW) (Table 1(b)). Similar
to our findings, oysters collected from the Gulf of Mexico were reported
to have up to 150 ng/g DW of PCBs following Hurricane Katrina and Rita
(Johnson et al., 2009). Such a trend is also evident in other aquatic
ecosystems. For example, in Todos os Santos Bay (Brazil), oysters
exhibited ~10× higher PCB concentrations (<0.08–50 ng/g DW)
compared to the fish sampled from the bay (0.23 to 4.55 ng/g DW)

Table 3
Diagnostic source analysis of PAHs in muscle and liver of biota (oyster and fish) using various ratios of LMW to HMW PAHs. The table also mentions the levels at which
the source is considered to be pyrogenic (Tobiszewski and Namieśnik, 2012). The presence of * beside a value means the ratio indicates it is predominantly pyrogenic.

Diagnostic ratios Pyrogenic* if Oyster Catfish muscle Reddrum muscle Seatrout muscle Catfish liver Reddrum liver Seatrout liver
∑
LMW/

∑
HMW <1 0.51* 0.88* 0.41* 0.88* 1.70 22.59 58.05

∑
COMB/

∑
PAH ~1 0.66 0.53 0.71 0.53 0.37 0.04 0.02

FLT/(FLT + PYR) >0.4 0.00 0.47* 0.00 0.00 0.54* 0.00 0.00
ANT/(ANT+PHE) >0.1 0.04 0.38* 0.34* 0.23* 0.80* 0.19* 0.06
BaA/(BaA + CHR) >0.2 0.74* – 1.00* – 0.34* 0.65* –
IcdP/(IcdP+BghiP) >0.2 0.17 – 1.00* 1.00* 0.72* 0.31* 1.00*
PHE/ANT <10 22.17 1.61* 1.98* 3.38* 0.25* 4.32* 14.52
Pyrogenic*a 29 % 80 % 71 % 67 % 71 % 57 % 17 %
Petrogenic 71 % 20 % 29 % 33 % 29 % 43 % 83 %

a Bold text represents the dominant source of PAH (Petrogenic/ Pyrogenic)
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(Santos et al., 2020). Similarly, fish (Plastycephalus bassensis) and oysters
(Crassostrea gigas) sampled from Tasmanian estuarine and coastal waters
revealed oysters to exhibit 5× higher total PCBs levels than the fish.
Similar to PAHs, the higher body-burdens of PCBs in oysters is likely a
reflection of their filter feeding capacity (Ehrich and Harris, 2015;
NOAA, 2020), overall higher lipophilicity of PCBs (Bourez et al., 2013;
Safe and Hutzinger, 1984), and lower metabolic biotransformation ca-
pacity of invertebrates (relative to finfish) to metabolize and excrete
PCBs (Bright et al., 1995; Vidal-Liñán et al., 2016).

In contrast to muscle tissue, the livers of fish exhibited 11-15× higher
PCB levels (Table 2(b)). The higher levels in livers reflect the lipophilic
nature of PCBs (Bourez et al., 2013; Safe and Hutzinger, 1984) and the
higher lipid content of the livers in comparison to muscle (as previously
discussed for PAHs) (Ando et al., 1993; Arrington et al., 2006). PCBs are
highly lipophilic (Log Kow = 4.43–5.02) (Ballschmiter et al., 2005).
Similar to the case of PAHs, in the Gulf of Mexico, Bull, Blacktip and
Bonnethead sharks were found to have 2× the bodyburden of PCBs in
liver in comparison to muscle (Cullen et al., 2019). Our observed values
were in range of the previously observed Sabine lake gaftopsail catfish
and red drum body burden of 500–1000 ng/g LW of PCBs (Hernout
et al., 2020). Similarly in other industrial regions, Bodin et al. (2014)
have shown hepatic PCB levels to be 10× higher than the muscle tissue
of fish sampled from the Gironde estuary in southwest France (Bodin
et al., 2014). Monosson et al. (2003) collected muscle, liver and gonad
tissue from mummichog fish (Fundulus heteroclitus) from Hudson river
and Newark bay and found total PCB levels in the gonads and livers
(1265–3453 ng/g WW total PCBs) to be ~6-13× higher than levels
measured in muscle tissue (209–263 ng/g WW). They attributed the
tissue specific differences to be due to the high lipophilicity of PCBs and
higher lipid content of livers (Monosson et al., 2003). Similarly, the
analysis of fish muscle, liver, kidney and brain from a heavily polluted
water reservoir in Slovakia (Zemplinska sirava) found total PCB con-
centrations in the liver to be 2× higher than in muscle, and 15× higher
than in the brain and kidneys (Brázová et al., 2012). Moreover, PCBs
measured in the muscle, and liver of Red mullet, mackerel, anchovy and
blue whiting along the Catalan coast of the Mediterranean Sea, reported
livers to exhibit 10× higher concentrations of total PCBs than muscle
(Albaiges et al., 1987).

PCBs are exclusively of anthropogenic origin and were widely used
in heat absorbing or electrical/insulating materials such as electrical
equipment, capacitors, and transformers (Delzell et al., 1994). Despite
their ban in the 1970’s, they continue to persist in the environment due
to their resistance to biodegradation (Boyle and Highland, 1979). The
high chlorination of PCBs results in chemical and structural properties

that collectively reduce the susceptibility of PCBs to chemical, biolog-
ical, and photolytic degradation pathways, thus increasing their envi-
ronmental persistence, which explains their prevalence and designation
as a persistent pollutant (Delzell et al., 1994; Elangovan et al., 2019;
Xiang et al., 2020). DL- PCBs are those with chlorine atoms at the para
position (opposite sides of the benzene ring) and two or more at themeta
positions (adjacent but not next to on the benzene ring) (ATSDR, 2023;
Safe et al., 1985). Chlorine atom substitutions in these position results in
a coplanar structure similar to that of 2,3,7,8-TCDD (2,3,7,8-tetra-
chlorodibenzodioxin), and thus exhibit its high toxicity (Safe et al.,
1985). These include non-ortho dioxin like PCBs such as, 3,4,4′,5-tetra-
(PCB 81), 3,3′,4,4′-tetra- (PCB 77), 3,3′,4,4′,5-penta- (PCB 126), and
3,3′,4,4′,5,5′-hexachlorobiphenyl (PCB 169) and mono-ortho dioxin-like
PCBs such as PCBs 105, 114, 118, 123, 156, 167 and 189 (Giesy and
Kannan, 1998). In oysters, PCB 77 dominated constituting 49 % of total
DL-PCBs (Table 1(b)). For the fish, catfish showed a similar prominence
of PCB 126 in both muscle and liver tissue, at ~60 % of total DL-PCBs
(Tables 1 and 2(b)). The livers of red drum and sea trout showed a
prominence PCB 114 in each species (36 % and 49 % respectively)
(Table 2(b)). Whereas PCB 156 dominated in red drum muscle (26 % of
total DL-PCBs) and PCB 105 dominated in sea trout muscle (35% of total
DL-PCBs) (Also see Supplemental Fig. 2). The prominence of DL-PCBs is
typical of industrialized aquatic ecosystems. For example, Carro et al.
(2018) report in DL-PCBs in bivalve mollusks collected from estuaries
along Galician Rias in Northwestern Spain to comprise 72 % of the total
PCBs. Amongst the DL-PCB congeners, 93 % were contributed by PCB
126 (Carro et al., 2018). In another study, DL-PCBs were also detected at
higher concentrations than NDL-PCBs in commercially available finfish
and shellfish, accounting for up to 96 % of the PCBs in tuna and 90 % in
oysters (Gómara et al., 2005). Gómara et al. (2005), also reported PCB
126 to be the most prominent congener in finfish and shellfish. A study
from coastal Korea (Busan, Incheon, Pohang, Ulsan) focusing on the PCB
content of fish and bivalves found that up to 60% of the dietary intake of
PCBs to the Korean population from seafood was from DL-PCBs, and of
which PCB-126 was also the most prominent congener (Moon and Ok,
2006).

Amongst the NDL-PCBs in the muscle tissue of fish (or gill/mantle for
oysters), we find PCB 18 to be the most commonly (and prominently)
detected PCB congener, ranging from 60 % to 76 % of the total NDL-
PCBs (Table 1(b), Supplemental Fig. 2). For the NDL-PCBs in the livers
of fish, we also find PCB 1 to dominate in catfish (31 % of the total NDL-
PCBs), PCB 18 was the most abundant in red drum livers (83 % of total),
and PCB 128 dominated in sea trout livers (57 % of total). The varying
ratios of NDL-PCBs may reflect varying extents of microbial anaerobic

Fig. 2. Box and whisker plots of cancer risk level of concern (LOC) set by the FDA for finfish (0.035 μg/g BaPE) is shown as a horizontal dotted line and is compared
to the Benzo [a]pyrene equivalent toxicity (BaPE) concentrations of finfish and oysters collected from Matagorda Bay. The FDA LOC level for oysters (0.142 μg/g
BaPE) is not shown.
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degradation of highly chlorinated PCBs, resulting in the removal of
chlorines from the meta and para positions. This results in an increase in
lower chlorinated ortho-substituted PCB congeners such as PCBs 18, 52,
and 128 (Abramowicz, 1995; Tiedje et al., 1993). Therefore, the prev-
alence of PCB 18 and PCB 128 in the biota may reflect biodegradation of
dioxin like PCBs via anaerobic bacteria. The analysis of PCB congeners
in the muscle and liver tissues of sharks sampled from Galveston Bay
(TX, USA) have reported PCB 128 body-burdens to range from 4 to 28 %
(Cullen et al., 2019). Hernout et al. (2020) has shown a prevalence of
PCB 18 in the livers of fish (~20–65 %) sampled from Sabine Lake (TX,
USA) (Hernout et al., 2020). Finally, Finklea et al. (2000) analyzed PCBs
in the blubber of stranded bottlenose dolphins fromMatagorda Bay (TX,
USA). Their analysis revealed the prevalence of PCB 128 (≤1400 ng/g of
LW). All these studies demonstrate the prevalence of select PCB conge-
ners in biota sampled along Matagorda Bay. Ongoing industrial dis-
charges and the remobilization of historically contaminated sediments
may continue to contribute to dioxin pollution despite regulations.
Additionally, sediment resuspension from tides, wind, shipping, and
dredging reintroduces previously buried persistent dioxins into the
environment as observed in the case of Galveston Bay shipping channel
(Yeager et al., 2007).

The TEQ analysis showed red drum to be within the range of the
upper and lower limits for adverse effects in finfish, suggesting the
propensity of the DL-PCBs body-burdens to cause adverse effects on this
species (Fig. 3). For the sea trout, the TEQ was 1.4× lower than the low
limit for adverse effects in finfish, indicating a significantly lower risk of
adverse effects (i.e., protective of≥99 % of fish). A previous study out of
Sabine Lake (Texas and Louisiana coast) reported TEQ values of red
drum and gaftopsail catfish to be within the range of upper and lower
thresholds for finfish toxicity (Hernout et al., 2020). For catfish, the TEQ
levels were 1.11× higher than the upper limit for adverse effects set for
finfish, indicating a potential health risk (such as immunosuppression
effects) to the catfish (i.e., ≥10 % may show adverse effects) (Kannan
et al., 2000). At these levels, adverse effects such as suppression of
lymphocytes, natural killer cell, plasma concentration of vitamin A, and
thyroid hormones have been reported (Kannan et al., 2000). The high
TEQ values in catfish are likely representative of the high PCB 126 body-
burdens in livers (65 % of total DL-PCBs) (Table 2(b)). Not all the con-
geners in the TEQ calculation have equal TEF values due to their relative
toxicity and therefore are “weighed” differently. Of the DL-PCBs, PCB
126 exhibits the highest TEF value at 10–1000× higher than the others,
therefore contributing to the high TEQ values observed in catfish. A
caveat is that TEF standards for DL-PCBs are derived from studies on
early life stage fish with mortality as an endpoint (Vandermeulen,

1987). Therefore, the derived TEQ values may not be directly applicable
towards explaining sub-lethal toxicity effects in older finfish (as is this
case in our study). Furthermore, the present TEQ assessment method
cannot explain the toxic effects derived from non-dioxin like PCBs which
may still have carcinogenic, neurotoxic, and endocrine disruptive effects
at higher concentrations (Giesy and Kannan, 1998; Safe, 1994). There-
fore, TEQ assessment values need to be interpreted with caution.

4.3. NMP body-burdens and average human daily intake

This is one of the first comprehensive reports of NMPs (using Py-
GCMS/MS) in eastern oysters and fish collected from Matagorda Bay.
Oysters exhibited significantly higher body-burdens of NMPs (8925.72
± 2608.77 μg/g DW) compared to fish muscle (355.42–1636.97 μg/g
DW) as previously seen in the case of both PAHs and PCBs (Table 1(c)).
The higher body burden of NMPs in oysters is likely a direct reflection of
their filter feeding capacity (Ehrich and Harris, 2015; NOAA, 2020) as
discussed previously. In Sanggou Bay, China, Pacific oysters also
exhibited higher concentrations of NMPs than those detected in green-
ling (Sui et al., 2024). In fish livers (6536.69–18,166 μg/g DW), the
concentration of NMPs was significantly higher than those in the muscle
tissue. These differences in NMPs body-burdens may be due to the liver’s
rich blood supply and its primary role in filtering (and detoxifying)
exogenous substances from the blood (Ozougwu, 2017; Wisse et al.,
1985; Wood, 2014; Zhao et al., 2014), leading to a higher exposure and
bioaccumulation in the liver. A toxicological study exposing European
seabass (Dicentrarchus labrax) to NMPs (≤3 μm particle size) for≤5 days
showed approximately 4× and 3× higher microplastics accumulation in
the liver compared to the gut and gills respectively (Zitouni et al., 2021).
Similarly, goldfish exposed to NMPs (for 30 days) and exhibited a ~14×
higher bioaccumulation in the liver compared to muscle tissue (Brandts
et al., 2022). Additionally, various fish species sampled from the Pearl
river in China (such as carp, bream, catfish, tilapia) were found to
contain ~2× higher levels of plastics additives in their livers in com-
parison to muscle (Peng et al., 2021).

Amongst the plastics, Nylon-66 (N66) was the most prominently
detected plastic in oysters (gill/mantle) and fish (muscle and liver). N66
is primarily used in textiles and fabrics, including carpets, clothing, and
upholstery, due to its durability and resistance to wear and tear. It is also
used in engineering plastics for automotive and industrial components
like gears, bushings, and bearings, as well as in consumer goods like
ropes, cords, fishing gear, nets and toothbrush bristles (Shakiba et al.,
2021; Stafford et al., 1986; Zhang et al., 2010). We also show Poly-
ethylene to account for 25 % of NMPs in both catfish muscle and oyster

Fig. 3. Box and whisker plots of TEQ assessment for DL-PCBs in fish livers displayed with the upper and lower limit of adverse effects for finfish (black dotted lines)
and aquatic mammals (red dotted lines) reported in Log10 transformed pg/g lipid weight (or pg/g LW TEQ). (For interpretation of the references to color in this
figure legend, the reader is referred to the web version of this article.)
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gill/mantle tissues. The prominence of Polyethylene highlights the
presence of general plastics degradation products, including those from
plastic pellets such as nurdles (OSPAR, 2018). Polyethylene is widely
used in packaging materials such as plastic bags, films, bottles, con-
tainers, pipes, fittings, and medical applications due to their flexibility
(Duffy Jr, 1949; Ronca, 2017; Savas et al., 2016). Polypropylene
constituted 40 % of the NMPs detected in oysters from Matagorda Bay.
Polypropylene is commonly used in packaging materials like bottles and
containers, automotive parts such as bumpers and battery cases, textiles
for items like diapers and filters, and household goods including reus-
able containers and furniture (Guidetti et al., 1996; Hossain et al., 2024;
Maddah, 2016). The prevalence of Polypropylene and Polyethylene in
aquatic biota has been previously reported by Ribeiro et al. (2020) in
Australia. Polyethylene was the most prevalently detected plastic in the
biota (≤2400 μg/g WW tissue), and Polypropylene was less common:
≤60 μg/g tissue (Ribeiro et al., 2020). A meta-analysis on the extent of
microplastics ingested by fish worldwide conducted by Lim et al. (2022),
found that majority ingested were fibrous microplastics (70%), of which
16 % were Polyethylene (Lim et al., 2022).

Of importance, Polypropylene and Polyethylene, which were
commonly detected in the biota from Matagorda Bay, were also some of
the most widely produced plastics by the Formosa Plastics Corporation
chemical plant located in Point Comfort (near sampling site A, Fig. 1),
along Matagorda Bay (Detore, 2018; Hays, 2019). The Formosa Plastics
Corporation (headquartered in Taiwan) is a major producer of plastic
resins and petrochemicals, including PP, PE, and PVC. Their Point
Comfort facility is significant for their operations in the United States
(Conkle, 2018). In 2016, a substantial spill of plastic pellets and powder
from this facility contaminated Matagorda Bay, leading to a lawsuit by
environmental activist Ms. Diane Wilson (Wilson, 2018). In 2019, For-
mosa was found liable for illegal discharges, resulting in a $50 million
settlement for environmental cleanup (Conkle, 2018; Wilson, 2018).
Additionally, Formosa Plastics has been involved in other serious in-
cidents. In 2005, an explosion at their Illinois plant producing PVC
caused five fatalities (OSHA, 2005). In 2013, a fire at the Point Comfort
facility resulted in injuries and environmental harm (CSB, 2006). The
company has also faced scrutiny for air pollution violations, leading to
fines and mandated corrective actions (EPA, 2012).

The ADIs calculated in this study for likely human exposures to
microplastics through seafood consumption maps the NMPs body-
burdens to an estimated daily intake of seafood (DSHS, 2011). As a
result, the estimated ADIs for the NMPs varies from 0.03 to 0.46 mg
NMPs/kg body weight/day for the consumption of red drum to oysters.
The levels computed herein are relatively modest as compared to
another study that estimated plastics ingestion rates by humans of ≤5 g
of microplastics/week (or ≤ 260 g of microplastics/year) (Senathirajah
et al., 2021). We are however within range of a study by Ribeiro et al.
(2021), who deployed oysters (Saccostrea glomerata) at the mouth of
Brisbane River (Australia) for 14 days and quantified a body-burden of
≤38.8 mg/g microplastics in the oysters and using an analytical method
similar to the one in our study, i.e., Py-GCMS. The microplastics accu-
mulated in oysters over 14 days can be approximated to a daily body
burden of ≤2.8 mg/g oyster (by dividing 38.8 mg/g by 14). Imple-
menting a similar ADI approach to the one taken in our study yields an
average daily intake of 1.2 mg NMPs/kg body weight/day, and annual
intake of 434 mg NMPs/kg body weight/year. These values are only 3×
higher than the ones computed for the oysters sampled from Matagorda
Bay in this study (Table 4).

A caveat to these estimates is that they appear to far exceed levels
detected in the body-burdens of humans. For example, Leslie et al.
(2022) used Py-GCMS to quantify NMPs in human blood and reported
total levels of 1.6 μg/mL. While NMPs measurements in blood are not
comparable to tissue body-burdens in wildlife biota as measured in our
study, nevertheless the levels measured by Leslie et al. (2022) are
~200× lower than the lowest NMP body burden measured for red drum
muscle in our study (i.e., 355.42 ± 183.75 μg/g DW). In another study,

the quantification of microplastics in infant and adult human feces re-
ported concentrations ranging from 3 to 36 μg/g (Zhang et al., 2021).
Once again, comparing these levels to the lowest NMP body-burden
quantified for red drum muscle yields levels in humans that are
~10×–100× lower than those measured in fish. The differences in NMPs
body-burdens between the aquatic wildlife (as measured in our study)
and humans may indicate a trophic dilution of NMPs in an ecosystem.
For example, we report that oysters exhibit ~5× – 25× higher body-
burdens than fish (i.e., catfish, red drum, and sea trout), whereas fish
(red drum) exhibits a ~ 10× – 200× higher body-burden than humans.
Further studies applying the Py-GCMS analytical method to quantify
NMPs across food webs which include wildlife biota and humans, will
provide a more comprehensive assessment of the fate and distribution of
these emerging pollutants in ecosystems.

5. Conclusions

In this study, we report on the body-burdens of persistent (PAHs,
PCBs) and emerging (NMPs) pollutants in shellfish and fish from Mat-
agorda Bay (Texas, USA). The pollutant levels were quantified in muscle
(gill/mantle of oysters) and liver tissues. Overall, the oysters exhibited
higher levels of PAHs and PCBs relative to that of fish. The higher
exposure of oysters to the persistent pollutants is likely due to their
massive filter-feeding capacity (~25–50 gal of seawater/day), lip-
ophilicity of the persistent pollutants, and/or low biotransformation
capacity of the shellfish compared to fish. For PCBs, the liver tissue of
fish exhibited ten-times higher levels than muscle. The assessment of
PAH congeners indicated the prevalence of both LMW and HMW PAHs
from petrogenic and pyrogenic sources. For the PCB congeners, there
was an overall prominence of DL-PCBs, with PCB-126 contributing up to
~60 % of DL-PCBs in catfish muscle and liver. As a result, the TEQ levels
for catfish were higher than the upper limit for adverse effects set for
finfish, indicating a potential health risk to humans consuming these
fish. A key result of this study was the quantification of NMP body-
burdens that were ~ 2000× - 60,000× higher than those for PAHs
and PCBs. Once again, oysters exhibited higher NMPs body-burdens (5-
25×) than the levels measured in fish muscle. The most commonly
detected NMPs in the body-burdens of biota were Nylon 66, Poly-
propylene and Polyethylene. Their prevalence is likely reflective of the
legacy plastics pollution of Matagorda Bay by the Formosa Plastics
Corporation, which was responsible for a substantial spill of plastic
pellets and powder in 2016. Even though the NMPs were measured at
orders of magnitude higher concentrations than the persistent pollutants
(PAHs and PCBs), the toxicity implications of such high exposure of the
resident biota are presently unknown due to a lack of standardized risk
assessment methods or tests for plastics, which constitutes an avenue for
further monitoring and research.
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Schneider, Y.-J., Dugail, I., Debier, C., 2013. The dynamics of accumulation of PCBs
in cultured adipocytes vary with the cell lipid content and the lipophilicity of the
congener. Toxicol. Lett. 216 (1), 40–46.

Boyle, R.H., Highland, J.H., 1979. The persistence of PCBs. Environ. Sci. Policy Sustain.
Dev. 21 (5), 6–37.

Brandts, I., Cánovas, M., Tvarijonaviciute, A., Llorca, M., Vega, A., Farré, M., Pastor, J.,
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